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Abstract  22 

N-loads from subsurface, drains, and groundwater-fed surface (bypass) flows via two riparian zones 23 

(crop field and wetland) to a second order stream were investigated by sampling of shallow and 24 

deep groundwater on both sides and monthly measurements of flows from springs, drains, and 25 

stream including water quality (nitrate). A push-pull test in the crop field gave estimates of first-26 

order denitrification rate (0.23 day–1). Reactive transport modelling evaluated observations of water 27 

chemistry and denitrification processes in the groundwater below the crop field showing that nitrate 28 

mailto:mast@ign.ku.dk
mailto:sj@ign.ku.dk
mailto:pe@ign.ku.dk
mailto:svv@bios.au.dk
mailto:alh@geus.dk


2 

 

was completely removed by denitrification with pyrite in the aquifer (model rates of 0.6–2.5 mmol 29 

NO3 L
−1 yr−1). A drain in the crop field routed approximately 10% (bypass) of the regional 30 

groundwater inflow to the stream. Buffer efficiency was high at 90%. The wetland on the other side 31 

of the stream hosts several locations of focused nitrate-rich groundwater-fed spring discharge, 32 

predominantly through a non-maintained drainage system of drainpipes and ditches with bypass 33 

accounting for 59% of the regional flow input. Nitrate was completely removed in groundwater by 34 

denitrification with dissolved organic matter in shallow groundwater. The regional inflow and N 35 

load to the wetland is amongst the highest recorded and data shows that the N load to the stream is 36 

very high. The buffer efficiency ranged from 45–83% depending on if all springs contributed to the 37 

stream or only the two with visible outflow. A conceptual model for nitrate removal efficiency as a 38 

function of Damköhler number and percent bypass flow is proposed. 39 

 40 

Plain language summary 41 

Riparian zones connect agricultural catchments to streams and are important for intercepting and 42 

removing nitrate. The effects of bypass flow due to overland flow from natural springs, seeps or 43 

through drainpipes are often overlooked. We developed a generic conceptual model for riparian 44 

buffer efficiency (ratio of how much nitrate is removed relative to the input) based on detailed field 45 

investigations in two contrasting riparian zones (crop field and wetland). One would think that the 46 

crop field would be the main source of nitrate to the stream, but it is not. Input of water and nitrate 47 

to the stream was much higher on the wetland side, where nitrate-containing groundwater was 48 

funneled through the small wetland. The inflow of water was so high that numerous small natural 49 

springs and seeps were present and, historically, a network of ditches and drainage pipes were 50 

installed to keep the wetland relatively dry. Bypass flow is high (59%) and data shows some of the 51 

highest recorded nitrate loads to a stream. Complete removal of nitrate in groundwater flowing 52 

through both riparian zones was observed. Buffer efficiency is high with 90% on the crop side and 53 

45–83% on the wetland side. 54 

 55 

Keywords: Riparian zones, nitrate removal, bypass flow, reactive transport modelling, 56 

conceptual model 57 

 58 
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 59 

1. Introduction 60 

Nutrients applied in connection with agriculture may enter the groundwater and ultimately end up in 61 

streams. Riparian lowlands have shown to hold the potential to significantly decrease nitrate (NO3) 62 

concentrations in groundwater flowing from uplands to streams (Peterjohn and Correll 1984, 63 

Sabater et al. 2003, Vidon and Hill 2005, Hill 2018, 2019). Restoration of wetlands can therefore be 64 

an important mitigation method for increasing NO3 removal (Audet et al. 2020). The removal of 65 

NO3 in the riparian lowland is recognized to occur from biological uptake and denitrification 66 

reactions under anoxic conditions (Hill 2019). Denitrification has been demonstrated to be the main 67 

removal process of NO3 in riparian aquifers (Hill 2018, 2019), although additional processes such 68 

as plant uptake can be more important than denitrification (Lutz et al., 2020). Denitrification can 69 

occur with organic matter as an electron donor (heterotrophic denitrification), but can also occur 70 

with inorganic sources via the oxidation of ferrous iron (Fe2+) and reduced sulfur (S; autotrophic 71 

denitrification) (Korom 1992).   72 

 73 

Hydrological flow paths and nitrate transport through the riparian lowland are controlled by the 74 

inherent heterogeneity, which to a large degree also controls the N-removal efficiency and the 75 

occurrence of so called “hot spots” (McClain et al. 2003) for denitrification (e.g., Devito et al. 76 

2000). Typologies and conceptual classification systems for upland hydrological connectivity and 77 

deep, shallow or bypassing flow paths have been proposed based on field studies to characterize 78 

groundwater-stream interaction and potential N-removal in riparian lowlands (Hill 1996, Vidon and 79 

Hill 2004, Dahl et al. 2007, Jencso et al. 2009, Noij et al. 2012). 80 

 81 

Hydrologic connectivity (e.g. subsurface flow, groundwater-fed surface flow, drainage) across the 82 

riparian lowland influences not only the N-transporting flow paths, but also the soil moisture 83 

conditions and redox potentials within N-removal zones of the lowland, which in turn may affect 84 

the NO3 buffering efficiency of riparian lowlands (Burt et al. 2002, Puckett and Hughes 2005). In 85 

this study, we focus on gaining streams and not streams or rivers that infiltrate to groundwater (see 86 

e.g. Lutz, 2020). The magnitude and variance of the upland groundwater- and solute fluxes fed to 87 

riparian lowlands are controlled by size- and transmissivity of upland aquifers (Vidon and Hill 88 

2004). Large and thick regional aquifers provide riparian lowlands with a relatively steady input of 89 
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groundwater (Hill 1996). The groundwater loading to a lowland is sometimes referred to as the 90 

hydraulic loading by which the riparian zone-to-catchment area ratio becomes important (Audet et 91 

al. 2020; Petersen et al. 2020). With deeper aquifers, studies have shown that observed decreases in 92 

NO3 concentrations across riparian zones may be due to dilution, instead of removal by 93 

denitrification, as mixing of young, shallow nitrate-rich groundwater with older, deeper nitrate-free 94 

groundwater can occur (Puckett and Cowdery 2002, Puckett 2004, Hefting et al. 2006).  95 

 96 

Likewise, riparian lowland hydrogeology may allow bypassing of nitrate-rich groundwater rather 97 

than diffuse flow through the riparian aquifer, which in turn affects nitrate removal efficiency (Burt 98 

et al. 1999, Puckett 2004). Generally, a thick and permeable riparian aquifer allows the flow of 99 

regional groundwater of varying ages to bypass the nitrate reducing zones near organic-rich top 100 

layers (Hill 1996, Devito et al. 2000, Puckett and Hughes 2005). In shallow riparian aquifers the 101 

fraction of bypassing water in the subsurface may decrease depending on how much groundwater-102 

fed surface flow is generated. This is also observed for low-permeable riparian aquifers, which 103 

favor the creation of seeps and springs at the break in slope generating surface flow, that may form 104 

rivulets discharging directly to the stream as overland flow or re-infiltrate to the riparian aquifer 105 

(Brüsch and Nilsson 1993, Shabaga and Hill 2010).  106 

 107 

Artificial drainage of riparian lowlands to make them usable for agricultural production is common 108 

in agricultural lowland catchments and can increase bypassing of nitrate-rich groundwater (Puckett 109 

2004). Ditches and subsurface drains provide conduits for water to move rapidly through the 110 

riparian system, minimizing the riparian lowlands potential nutrient attenuation. Hence, 111 

manipulation of the hydrologic flow regimes alters the physical character of riparian systems by 112 

routing water directly from the hillslope to the stream, bypassing the denitrifying zones within the 113 

entire riparian lowland, and this accordingly becomes manifested in the water quality of adjacent 114 

streams. 115 

 116 

Few studies have evaluated the combined influence of natural groundwater seeps/springs and 117 

drainage on how N-loads in riparian lowlands partitions between direct groundwater discharge and 118 

bypass flow to the stream. For example, Audet et al. (2020) surveyed more than 20 restored 119 

wetlands in Denmark, but only measured surface inlets and outlets, and not groundwater. Petersen 120 
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et al. (2020) measured and/or estimated all flow paths (subsurface, drains, surface) in riparian 121 

lowlands of clayey till catchments. Not surprisingly for this type of geological environment, 122 

groundwater fluxes to and from the lowlands were much smaller than drain fluxes. Shabaga and 123 

Hill (2010) demonstrated how upwelling groundwater was transported 100 m along rivulet-pipe 124 

networks in the upslope parts of their field sites, with little nitrate removal, converging into 125 

diffusive flow and increased nitrate removal in the downslope parts. The rivulet-pipe networks are 126 

shallow natural macropore systems that provided conduits for water and solutes across the riparian 127 

zones acting similar to a drain system. Clausen et al. (1993) measured nitrate fluxes in precipitation, 128 

overland flow, soil solution, groundwater and stream flow in a riparian area and found that the 129 

majority of the N flux took place via groundwater, but with little retention by for example 130 

denitrification. The importance of groundwater-fed surface flow bypassing (by natural or 131 

anthropogenic causes) riparian N removal zones on the delivery of nitrate to streams is therefore 132 

still not fully understood. 133 

 134 

The aim of the present study is; (1) to examine how bypass flow and direct groundwater discharge 135 

affect nitrate delivery to a second-order channelized stream located in western Denmark and (2) to 136 

develop a simple model for nitrate removal efficiency as a function of two important parameters; 137 

the Damköhler number and the percent bypass flow. The Damköhler number expresses the ratio of 138 

transport to reaction time scales. Percent bypass flow is the sum of all water not diffusively flowing 139 

through the riparian aquifer to the stream, i.e., flow in drains and all groundwater-fed surface flows 140 

(rivulets, diffuse surface flow). It is a comparative study examining flow and water quality of two 141 

riparian zones on opposite sides of the stream. On the northeast side, the riparian zone comprises a 142 

crop field flanked by a buffer zone and with a small watershed. On the southwest side, the riparian 143 

zone is a wetland receiving groundwater inflow from a much larger watershed resulting in many 144 

seeps and which has a poorly functioning drainage system. Nitrate loadings from different flow 145 

paths to the stream and their impact on stream water quality are examined. Further, mechanisms 146 

responsible for removal of nutrients are studied using water quality data, a push-pull test, and 147 

geochemical modelling. We believe the field site to be characteristic to many other lowland riparian 148 

valleys and that the results therefore are applicable to many other areas.  149 

2. Study site 150 
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The study was conducted in a riparian lowland situated in the upper part of Holtum catchment in the 151 

central part of Jutland, Denmark (Steiness et al. 2019). Holtum stream is characterized as a 152 

perennial second-order stream flowing from east to west. The surficial aquifer mainly consists of 153 

late Weichselian sandy outwash deposits and clayey tills, underlain by Miocene deposits of clay and 154 

sand. The shallow aquifer is partially unconfined/confined. Land use is dominantly agriculture 155 

(54%), forest (32%), and urban (14%) areas (Karan et al. 2013). Means of annual precipitation and 156 

actual evapotranspiration in the catchment were estimated to 984 and 510 mm/yr, respectively 157 

(Sebok et al. 2016). 158 

 159 

The 3-m wide stream at the field site was channelized likely prior to the 1850s. The average 160 

discharge at the field site in 2017 was ~0.3 m3 sec–1 (Steiness et al. 2019). On the northeastern side 161 

(the crop side), the riparian lowland comprises a 35-meter-wide grass buffer zone between the 162 

stream bank and a 145-meter-wide agricultural crop field (Figure 1A and 1B). The area is ~2.3 ha. 163 

A drainage-pipe (DR) discharges shallow groundwater from a small surface depression in the 164 

agricultural field and directly into the stream. Average drain pipe discharge in 2017 was 3.2 × 10−4 165 

m3 s−1 (~20 L/min, Steiness et al. 2019). 166 

 167 

The southwestern side (the wetland side) is an 80-meter-wide wetland functioning as a cow pasture. 168 

In the wetland (~1.3 ha), six overland discharge systems are located; two springs (S1 and S2), an 169 

overflowing drainage well (DW), an overflow pipe from a pond (PO), a ditch (DI) and a small 170 

rivulet (RI), Figure 1B (from now on collectively termed springs). The DI and RI discharge directly 171 

to the stream. A submerged drain in the stream is also located at the bend of the stream to the 172 

southeast (Figure 1B). Several ditches (D1D3) also drain the wetland downstream of the study 173 

site, Figure 1A. Most of the surface water systems were likely installed to drain the wetland. 174 

However, whether S1 and S2 are man-made installations (e.g. broken drain pipes that generate 175 

overland flow) or natural springs is not clear. Observed artesian conditions generating a natural 176 

diffuse seepage in the hill slope area above the pond were observed in the wetland. Steiness et al. 177 

(2019) found that the average total discharge from the springs was 2.7 × 10−3 m3 s−1. Direct 178 

groundwater discharge through the streambed (2.08 × 10−4 m3 s−1) was 13 times less.  179 

The riparian lowland comprises a sandy aquifer with interbedded gravel lenses. The aquifer is 180 

unconfined on the crop side of the stream, whereas the aquifer under the wetland is partially 181 
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confined by a peat layer. The hydraulic conductivity of the riparian sandy aquifer ranges from 182 

0.150 m day–1 with an average of 14 m day–1 (Steiness et al. 2019). Groundwater is flowing to the 183 

stream from both the crop and wetland sides (Figure 1C).  184 

 185 

The immediate upland northeast of the crop site is covered by a coniferous forest extending to the 186 

topographical border of the catchment. The topographical catchment area is ~5 ha (based on a GIS 187 

analysis). The upland to the south and southwest of the wetland site is comprised mainly of arable 188 

land, with minor forested areas primarily on the hillslopes. The topographical catchment area of ~25 189 

ha (based on a GIS analysis) is 5 times larger than north of the stream. The crop field/wetland to 190 

upland area ratios are therefore 47% and 5%, respectively. 191 
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Figure 1. Field site in Holtum catchment in the central part of Jutland, Denmark (32 U., 520513 m E, 193 

6204065 m N). (a) Northeast of the stream, a 35-meter wide grass-buffer separates the stream and the crop 194 

field. Southwest of the stream, a wetland extends to the hillslope. Several ditches are connected to the stream 195 

downstream of the field site (D1, D2 and D3). (b) In the riparian wetland six “springs” are located (DI, DW, 196 

PO, RI, S1 and S2) representing bypass flow paths. In addition, a drain (DR) is located under the crop field.  197 

c) Cross-section showing the geology of the riparian aquifer and groundwater flow directions. Groundwater 198 

flows diffusively through the aquifer towards the stream (Steiness et al. 2019). However, notice the small 199 

water mound at well TH1. A national monitoring well (96.1981) is shown with average nitrate 200 

concentrations (1990-2018) at two filters (see also Appendix A). 201 

 202 

3. Materials and methods 203 

Instrumentation includes 23 piezometers (Figure 1A and 1B) screened at different depths, installed 204 

at different times from 2015 to early 2017 (Poulsen et al. 2015, Steiness et al. 2019). All 205 

piezometers are equipped with a 9 cm screen near the bottom. Eight piezometers shown in Figure 1 206 

are nested, consisting of a shallow (piezometer name followed by an s) and a deep (piezometer 207 

name followed by a d) piezometer screen. These are TH1, TH2, TH3, TH4, TH7, TH9, C10 and 208 

C20.  209 

 210 

3.1 Water sampling and analysis 211 

Monthly water sampling was carried out between January 2017 and January 2018 from the springs 212 

in the wetland, Holtum stream, and the drain (see Figure 1A and 1B; no samples were collected in 213 

July 2017). Piezometers were sampled on multiple occasions in the period from November 2015 up 214 

until October 2017. In addition, a campaign was conducted in June 2017 to sample the shallow 215 

groundwater underneath the peat layer in the wetland. Nineteen point-samples were collected using 216 

‘mini’ piezometers (Figure 1B) (Steiness et al. 2019). The mini-piezometers had an inner diameter 217 

of 0.5 cm and were equipped with a 5 cm long screen. They were hammered to the desired depth 218 

just below the peat layer. Sampling followed the same procedure as described below for the regular 219 

piezometers. 220 

 221 



10 

 

Samples from D1, D2, and D3 were collected in June 2017. The submerged drain was sampled at 222 

two separate occasions; in May 2017 and in January 2018. Also, several piezometers were sampled 223 

at multiple depths during installation: TH1d, TH2d, TH3, TH4, TH7d and TH9d.  224 

 225 

Water samples for major an- and cations (Cl, SO4, F, Br, NO3, NO2, PO4, NH4, Na, K, Ca and Mg), 226 

sulfide (H2S), reduced iron (Fe2+), and alkalinity were collected from piezometers (groundwater), 227 

groundwater-fed springs, surface water (D1, D2, D3 and Holtum stream) and from the drain on the 228 

crop side (DR).   229 

 230 

Groundwater samples were collected using a peristaltic pump and a flow-cell (WTW Oxi 3310 IDS 231 

and HACH HQ30). Water sampling commenced, when flow-cell values of dissolved oxygen, 232 

temperature, pH, and electrical conductivity were stable. For sampling of springs, surface, and drain 233 

water, the electrodes were immersed directly into the running water. Water samples were in all 234 

cases taken with 60 mL polyethylene syringes and immediately filtered in the field through a 0.20 235 

µm cellulose acetate syringe filter (Sartorius Minisart®). To avoid oxygenation of Fe2+ during 236 

filtration (and consequent loss of PO4 and other ions adsorbing to Fe oxides) the syringe filter was 237 

vacuumized to remove oxygen. A vaccum was applied immediately prior to sample filtration using 238 

a combination of a dry 60 mL syringe and two three-way valves. Samples for cations were acidified 239 

with 1 vol% 1 M HNO3 and stored in a refrigerator. Anion samples were stored frozen. Anions and 240 

cations were analyzed by ion chromatography (Metrohm 820-IC Separation Center with 819-IC 241 

Detector). Samples for Fe2+ and H2S analysis were collected in separate 3 mL vials prefilled with, 242 

respectively, 0.1 mL of ferrozine solution or 0.3 mL 10 wt% Zn acetate. The Fe2+ and H2S 243 

concentrations were measured spectrophotometrically in the laboratory following the procedures by 244 

Stookey (1970) and Cline (1969), respectively. Samples for alkalinity (also filtered) were collected 245 

in 100 mL acid-washed amber glass bottles and analyzed using endpoint titration on a Metrohm 246 

autotitrator. 247 

 248 

3.2 Pyrite measurements 249 

In September 2016, cores were extracted from under the crop field near piezometers TH32 and 250 

TH3.3, Figure 1B. Intact cores were collected from 01 and 12 m below surface (MBS) using 251 
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percussion drilling combined with a 1 m liner sampler. The core ends were sealed with caps and 252 

additional tape and stored at −18°C to minimize oxidization until analysis.    253 

 254 

Five subsamples of sediment with a sample spacing of 0.1 m from depths 1.62 MBS were freeze-255 

dried, homogenized (ring-mill grounded) and analyzed. The chromium reducible sulfur (CRS) 256 

method was used to measure reduced inorganic sulfur compounds of the material sample following 257 

Canfield et al. (1986). The chromium reducible sulfur in this study is mainly presumed to stem from 258 

pyrite. From each subsample, 2 g of the dry and homogenized sediment was added to a mixed 259 

solution of chromium(II) and concentrated hydrochloric acid (6 M HCl) in an inert N2 atmosphere. 260 

Throughout a 60 min boil, the liberated H2S from the reduction process was precipitated as Ag2S in 261 

a trap containing 0.5 mL 1 M AgNO3. Precipitated Ag2S was then isolated by filtration, washed, 262 

dried and weighed. Determination of the pyrite (FeS2) content of the respective samples was 263 

calculated by converting the weight of the precipitate (Ag2S) to moles sulfur. 264 

 265 

3.3 Push-pull test: Denitrification rate 266 

The in-situ first order rate constant 𝑘 of NO3 reduction underneath the crop field was measured 267 

using the single-well push-pull test method as described by Haggerty et al. (1998) and extended by 268 

Yang et al. (2007). The principle is to derive the rate constant from the change over time in the 269 

concentration of a reactive solute relative to a conservative solute tracer. Using a peristaltic pump, 270 

~15 L of groundwater from well TH32 was collected directly into a gas-tight aluminum bag, pre-271 

flushed in the field by N2-gas to remove oxygen. 60 mL of an anoxic NaNO3 and NaBr stock 272 

solution was injected into the bag when half full (at ~7,5 L) using a syringe. When full, the bag was 273 

carefully agitated to mix the solution inside it. The EC of the resulting mixed solution was 274 

measured to ~700 µS/cm (twice the background EC of ~350 µS/cm) and a sample was withdrawn 275 

to acquire the initial NO3 and Br concentrations of 0.64 and 0.52 mM, respectively, before the 276 

peristaltic pump was reversed to inject the solution back into 3 m depth. Recovery was conducted 277 

28 hours later, during which EC was monitored; a total of 40 L water was withdrawn. During 278 

recovery, ten water samples were collected covering a range of EC values, implying a range of 279 

initial NO3 concentrations. This enabled multi-point determination of the rate constant after the 28 h 280 

reaction time and of its dependency on the initial NO3 concentration.  281 
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The first-order rate constant 𝑘 (positive for degradation) can be derived from (Yang et al. 2007, 282 

Haggerty et al. 1998; after rearrangement):  283 

 
𝑘𝑡 = ln (

𝐶𝑡𝑟
𝑟𝑒𝑙(𝑡)

𝐶𝑟
𝑟𝑒𝑙(𝑡)

) + ln (
1 − 𝑒−𝑘𝑡𝑖𝑛𝑗

𝑘𝑡𝑖𝑛𝑗
) Eq. 1 

where 𝑡 is the time elapsed since injection ended and 𝑡𝑖𝑛𝑗 is the duration of the injection itself. 284 

𝐶𝑡𝑟
𝑟𝑒𝑙(𝑡) and 𝐶𝑟

𝑟𝑒𝑙(𝑡) are the relative concentrations of, respectively, the tracer (𝑘 = 0) and the 285 

reactive solute (𝑘 ≠ 0), corrected for the respective background concentration (Yang et al. 2007):  286 

 
𝐶𝑡𝑟

𝑟𝑒𝑙(𝑡) =
𝐶𝑡𝑟(𝑡) − 𝐶𝑡𝑟

𝑏

𝐶𝑡𝑟
𝑖𝑛𝑗

− 𝐶𝑡𝑟
𝑏

       and       𝐶𝑟
𝑟𝑒𝑙(𝑡) =

𝐶𝑟(𝑡) − 𝐶𝑟
𝑏

𝐶𝑟
𝑖𝑛𝑗

− 𝐶𝑟
𝑏

 Eq. 2 

where 𝐶𝑡𝑟
𝑖𝑛𝑗

 and 𝐶𝑟
𝑖𝑛𝑗

 are the injected (i.e., initial), and 𝐶𝑡𝑟
𝑏  and 𝐶𝑟

𝑏 the background, tracer and 287 

reactive solute concentrations, and 𝐶𝑡𝑟(𝑡) and 𝐶𝑟(𝑡) are the tracer and reactive solute concentrations 288 

of the samples taken during the test’s ‘pull’ phase. The use of relative concentrations enables rate 289 

determinations that do not depend on the fraction of injected-to-recovered amounts. In Eq. 1, the 290 

second term on the right-hand side corrects for the in-situ reaction occurring during the test’s 291 

injection (‘push’) phase. In our case the duration of the injection was short (𝑡𝑖𝑛𝑗<1 h) relative to the 292 

𝑡 = 28 h reaction time, which makes the right hand term in Eq. 1 insignificant (cf. Haggerty et al. 293 

1998). Eq. 1 then becomes: 294 

 
𝑘 = ln (

𝐶𝑡𝑟
𝑟𝑒𝑙(𝑡)

𝐶𝑟
𝑟𝑒𝑙(𝑡)

) 𝑡⁄  Eq. 3 

A first order rate constant 𝑘 (h–1) for each of the ten samples was calculated by applying Eq. 3 with 295 

nitrate and bromide as the reactive and tracer solute, respectively; the average value is reported 296 

here. The reaction timescale (𝜏𝑟𝑒𝑎𝑐𝑡) was subsequently calculated as (Ocampo et al. 2006): 297 

 
𝜏𝑟𝑒𝑎𝑐𝑡 =

1

𝑘
 Eq. 4 

The reaction timescale is comparable to the first-order reaction half-time 𝑡½, as the two quantities 298 

are separated only by a factor of 𝑙𝑛(2): 299 

 𝑡½ = 𝑙𝑛(2) 𝜏𝑟𝑒𝑎𝑐𝑡 = 0.693 𝜏𝑟𝑒𝑎𝑐𝑡 Eq. 5 

 300 

 301 
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3.4 Reactive transport modelling 302 

The hydrochemical modelling software PHREEQC (Parkhurst and Appelo 2013) was used to 303 

simulate the loss of nitrate with depth, observed in the shallow part of the aquifer under the crop 304 

field. A one-dimensional (1D) reactive transport model with ten cells with a 1 m cell length was 305 

defined (total 10 m depth). Assuming a vertical Darcy velocity of 0.5 m yr–1 (i.e., a 500 mm yr–1 306 

recharge rate) and a porosity of 0.3, the residence time of water in one cell (i.e., the time step) was 307 

set to 0.6 yr (1.9 × 107 sec). A dispersivity of 0.1 m and an effective diffusion coefficient of 0.3 × 308 

10-9 m2 sec–1 were applied. For all cells (i.e., all depths), equilibrium with goethite and gibbsite was 309 

defined, and pyrite and siderite were allowed to precipitate without being present from the start. The 310 

database phreeqc.dat was used. The model was run for 50 shifts, corresponding to five flushes of 311 

the complete 10-cell model, which ensured stationarity.  312 

 313 

The model was calibrated by trial-and-error against observations from the multilevel profiles of 314 

TH3, i.e., including its sister-piezometers TH32 and TH33. During calibration, the nitrate, oxygen 315 

and Fe2+ concentrations of the recharging solution were adjusted, and amounts of organic carbon 316 

(CH2O) and pyrite were added to cells 1 to 5, individually, and allowed to react. Also, the goethite 317 

stability (i.e., its equilibrium constant) was adjusted (same value used for all 10 cells). For the 318 

infiltrating solution, representative values of sulfate (0.2 mM), pH (5.7), and alkalinity (0.6 meq/L) 319 

were fixed. 320 

 321 

Reacted amounts (of organic carbon or pyrite) ascribed to each cell of 1 m during fitting were 322 

entered in units of mM and subsequently recalculated into rates in units of mM yr–1 by dividing by 323 

the 0.6 yr residence time in the cell. 324 

 325 

4. Results 326 

 327 

The water chemistry is presented separately for groundwater and springs. First, key results from 328 

groundwater sampled in piezometers across the entire stream valley are presented. This is followed 329 

by the results from groundwater sampled from under the peat layer in the riparian wetland (using 330 
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mini-piezometers). Lastly, water chemistry from sampling of springs and stream water are 331 

presented.  332 

 333 

4.1 Groundwater chemistry (deeper piezometers) 334 

Electrical conductivity (EC) in groundwater from the piezometers on the crop side of the stream 335 

ranged from 179400 μS cm–1. TH3 and TH4 showed the highest EC. Groundwater below the 336 

wetland had EC ranging from 271524 μS cm–1, slightly higher than at the crop side. The highest 337 

EC was at TH10 located near the edge of the hillslope. Groundwater from TH8 had the lowest EC. 338 

Higher EC values on the crop side of the stream were associated with higher concentrations of 339 

calcium (Ca) and chloride (Cl). On the wetland side, higher EC were associated with higher 340 

concentrations of Cl and sodium (Na, Figure 2C). Potassium (K) in groundwater below the wetland 341 

had an average concentration of 0.13±0.05 mM (Figure 2C). Concentrations of K measured in 342 

groundwater below the crop field were lower with an average of 0.04±0.03 mM, though elevated 343 

potassium levels were seen in TH4, TH3 and TH33.  344 

 345 

Dissolved oxygen (DO) in groundwater was low on both sides of the stream with the exception of 346 

TH3 and TH10 (Figure 2A). On the crop side, only small amounts of DO were present in the 347 

groundwater two MBS in TH3 (0.3 mg L–1). From three MBS and deeper DO was <0.2 mg L–1. In 348 

addition, DO was found in groundwater at TH1s at depths of four and six MBS (0.40.7 mg O2 L
–349 

1). Groundwater from TH10 showed DO concentrations of 1.42.2 mg O2 L
–1 indicating that 350 

oxidized groundwater enters from the hillslope to the south. As groundwater moved closer to the 351 

stream, DO decreased abruptly along the horizontal flow paths. In areas with low oxygen (anoxic 352 

conditions) reduced iron (Fe2+) or ferrous conditions were present (Figure 2A). Groundwater under 353 

the crop field at 35 m depths had Fe2+ concentrations ranging from 0.010.1 mM. In groundwater 354 

beneath the wetland, concentrations of Fe2+ ranged from 0.06–0.12 mM.  355 
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 356 

Figure 2. Cross-sections displaying concentrations of selected chemical components in groundwater 357 

collected from piezometers and ‘mini’-piezometers. The interpreted flow field is from Steiness et al. (2019). 358 
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(a) Dissolved oxygen (grey, mg L–1) and ferrous iron (Fe+2) (brown, mM). Concentrations of Fe+2 in mM are 359 

written next to data points. (b) Measured groundwater concentrations of Nitrate (red, mM) are also shown 360 

next to data points and sulfate (green, mM). Samples with an ionic imbalance greater than 6% and less than  361 

-6% have been excluded from the dataset. (c) Groundwater concentrations of potassium (turquoise, mM) and 362 

sodium (black, mM) also written next to data points.   363 

 364 

Nitrate was only present in groundwater at a few piezometers (Figure 2B). In TH3 and TH32 nitrate 365 

concentrations were 1.2 and 0.6 mM, respectively at two and three MBS. From the hillslope to the 366 

south, nitrate rich water enters the wetland and decreases to zero, along the horizontal flow paths 367 

towards the stream (Figure 2B). Samples taken in March and November 2017 of groundwater from 368 

TH10 had concentrations of 0.35 mM and 0.17 mM, respectively. Otherwise, groundwater samples 369 

were to a large degree free of nitrate beneath the wetland. That is, samples of groundwater from 370 

piezometers (TH7d, TH7s, TH9d, TH9s and TH8) in March had 0.00.05 mM and in November 0.0 371 

mM.  Groundwater samples collected from piezometer ST1 (screened 1.5 m below the streambed 372 

just upstream of the ditch (Figure 1B), TH6 and TH8 (located approx. 1 and 1.5 meters from the 373 

stream banks, respectively) contained no nitrate.  374 

 375 

Sulfate (SO4) concentrations in groundwater are shown in Figure 2B. Samples of groundwater from 376 

TH3 and TH32 at three MBS, showed SO4 concentrations of 1.3 and 1.9 mM, respectively. Closer 377 

to the stream, groundwater from TH1s and TH2s had SO4 concentration of 0.91 mM at 36 MBS, 378 

similar to groundwater from TH3 and TH32. At depths of 68 MBS groundwater from TH1d 379 

showed SO4 concentrations of close to 1 mM. Concentrations of SO4 were lower in groundwater 380 

below the wetland with an average of 0.24 mM compared to an average of 0.4 mM on the crop side. 381 

Concentrations >0.4 mM were found in groundwater located near the ditch (C10d, C20s and C20d). 382 

The maximum concentration of 0.94 mM was measured in groundwater from C10d. 383 

 384 

Alkalinity in groundwater ranged from 0.13.3 mM (data not shown). Groundwater from TH3 and 385 

TH32 had the lowest alkalinities at 23 MBS ranging from ~0.10.4 mM. At four to six MBS, the 386 

alkalinity in groundwater from TH3 was higher with concentrations of 1.5, 2.1 and 2.0 mM 387 

respectively. In general, at depths of 28 MBS, alkalinity ranged from 0.71.9 mM. Groundwater 388 
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from the deepest piezometers, TH1d and TH2d, screened at 16 and 12 MBS, alkalinity was above 389 

2.0 mM.  390 

Groundwater below the wetland, closest to the peat, had alkalinity slightly higher than under the 391 

crop field on the crop side of the stream. The highest alkalinity was measured in groundwater from 392 

the two-piezometer nests TH7 (TH7s with 1.42.3 mM and TH7d with 3.13.3 mM) and TH9 393 

(TH9s with 1.12.2 mM and TH9d with 1.11.7 mM).  394 

 395 

4.2 Groundwater chemistry (shallow, wetland, mini-piezometers) 396 

Samples collected from the shallow groundwater in the wetland using ‘mini’ piezometers had EC 397 

ranging from 156696 μS cm–1 (data not shown). Water from ‘mini’ piezometers P2 through P11 398 

all had EC above 400 μS cm–1. The highest EC was in P16 (561 μS cm–1) and P19 (696 μS cm–1). 399 

Again, high EC was, as for the deeper groundwater below the wetland, mainly associated with 400 

higher concentrations of Cl and Na. Likewise, concentrations of K was of the same magnitude as 401 

for the deep groundwater under the wetland (mean 0.12±0.05 mM). 402 

 403 

DO was present right below the peat layer near the hillslope. As groundwater flow closer to the 404 

stream DO decreases abruptly (Figure 3A). Reduced iron (Fe2+) ranged from 0.0–0.1 mM with an 405 

average of 0.07 mM (data not shown). Inversely of the pattern of DO, alkalinity increased away 406 

from the hillslope to the stream (Figure 3B). The increased alkalinity coincides with the location, 407 

where the peat basin has its largest thickness (see Steiness et al. 2019). 408 

 409 

NO3 was present in high concentrations in shallow groundwater near the edge of the wetland, Figure 410 

3C: P13 (0.32 mM), P16 (0.51 mM), P17 (0.93 mM), and P18 (0.06 mM). Closer to the stream 411 

nitrate disappeared. Concentrations of SO4 ranged from 0.0–0.75 mM (Figure 3D). High SO4 412 

concentrations were measured towards the ditch and the stream in P1, P2 and P3 near the stream, 413 

and P11 and P12 near the ditch.  414 
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 415 

Figure 3. Concentrations of (a) dissolved oxygen (mg L–1), (b) alkalinity (meq L–1), (c) nitrate (mM), and (d) 416 

sulfate (mM) of water samples taken of the shallow groundwater (~1 MBS) using mini-piezometers. Blue 417 

arrow indicates general direction of groundwater flow. Shadings indicate areas of elevated concentration.  418 

 419 

4.3 Springs and stream 420 

The EC of the six springs (DI, DW, PO, RI, S1 and S2) ranged from 334575 μS cm–1. The 421 

drainage well (DW) had the highest EC with an average of 502±54.5 μS cm–1. The lowest EC was 422 

measured in PO and RI both with very similar average EC of 419 μS cm–1 and 417 μS cm–1, 423 

respectively. The drain from the crop field had EC ranging from 253361 μS cm–1, which was very 424 

similar to the EC range measured in the stream (262338 μS cm–1). The chloride concentrations in 425 

the springs (average of 1.77±0.47 mM) were similar to chloride measured in the ‘mini’ piezometers. 426 

Concentrations of Cl in DI and DW were on average 2.19±0.44 mM and 2.45±0.51 mM, 427 
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respectively. These two springs had the highest measured Cl concentrations at the field site. 428 

Potassium concentrations in the springs ranged from 0.04 mM to 0.27 mM, which was comparable 429 

to K concentrations measured of both the deep and shallow groundwater on the wetland side. 430 

Highest K concentrations were measured in PO and RI having mean K concentrations of 0.21±0.03 431 

mM and 0.17±0.05 mM, respectively. Only S1 and S2 had concentrations of K <0.1 mM.  432 

 433 

All samples taken from springs contain nitrate (NO3) having a mean of 0.63±0.14 mM and up to 434 

0.97 mM, Figure 4. The highest concentration was measured in the water from the drainage well 435 

(DW); ranging from 0.78 to 1.09 mM with an average of 0.8 mM. DI had the most variable NO3 436 

concentrations (0.39 to 0.94 mM). The second largest variation in NO3 concentrations was observed 437 

in DW. DW, S1 and S2 had similar temporal variations in NO3, with the lowest concentrations in 438 

the months of March and April 2017. A slight seasonality is observed in all springs. NO3 439 

concentrations in March and April show lower concentrations. Otherwise, seasonal variations in 440 

NO3 concentrations in the springs appear to be minor, e.g. only a slight decrease in concentrations 441 

was seen over the summer.  442 

 443 

Concentrations of NO3 for the springs (DI, PO, DW, RI, S1, S2) were much higher than the NO3 444 

concentration of the stream (ST) and the drain (DR, draining parts of the crop field). NO3 in the 445 

stream (Figure 4) varied only slightly throughout the year, but with no apparent correlation to 446 

stream discharge (Steiness et al, 2019). Stream nitrate concentrations were highest in February (0.12 447 

mM), Nov. 2017 (0.13 mM) and Jan. 2018 (0.18 mM). The measured NO3 concentrations from the 448 

drain and the stream were very similar in both magnitude and timing, having the highest 449 

concentrations during the late fall and winter.  450 

 451 

Water samples taken from the submerged drain (Figure 1B) had an EC of 498 μS cm–1 and 520 μS 452 

cm–1, and contained 0.51 mM and 0.52 mM of NO3; samples collected in May 2017 and January 453 

2018, respectively. Potassium concentrations were 0.04 mM and 0.05 mM. EC, NO3 and K 454 

concentrations were very similar to what was measured in S2. In May 2017 and January 2018 S2 455 

had an EC of 510 μS cm–1 and 474 μS cm–1 and NO3  concentrations were 0.64 mM and 0.6 mM, 456 

respectively. S2 had 0.05 mM of K in both May 2017 and January 2018, concentrations nearly 457 

identical to those of the submerged drain.  458 
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 459 

Figure 4. Nitrate concentration measured on a monthly basis from springs, the drain and stream. Month of 460 

measurement is given along the x-axis from January 2017 (dark grey) through January 2018 (light grey) (J, 461 

F, M, A, M, J, J, A, S, O, N, D, J).  462 

 463 

4.4 Nitrate loads to stream 464 

Figure 5 shows the calculated NO3 load (kg N day–1, concentrations from Figure 4) from the springs 465 

and submerged drain. Measured flow rates, converted to m3/day, were taken from Steiness et al. 466 

(2019). Overall, the springs sustain a constant high N-input to the wetland surface and possibly to 467 

the stream. The highest nitrate loadings (kg N day–1) were from S1 and RI mainly because the 468 

highest discharges were measured here (averaging 9.4 × 10−4 m3 s−1 and 6.7 × 10−4 m3 s−1, 469 

respectively). Despite the similar nitrate concentrations at S2, S1 and RI, the lowest nitrate loading 470 

was from S2, due to a low discharge (average of 1.2 × 10−4 m3 s−1).  471 

 472 

The combined average N-load from all springs was 708 kg N yr–1. From DI and RI, both visibly 473 

discharging directly into the stream, the N-load was 219 kg N yr−1. On the crop side of the stream 474 

an annual N-load to the stream from the drain, discharging directly into the stream, was 16.8 kg N 475 

yr−1. The N-load from the springs was around 13 to 42 times higher than the N-load from the drain 476 

in the crop field. High N-loads from the springs S1 and RI are related to high water fluxes.  477 
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 478 

Figure 5. Nitrate loads calculated from concentrations and discharges measured on a monthly basis from the 479 

springs (DI, PO, DW, RI, S1, S2) and the drain (DR). Month of measurement is given along the x-axis from 480 

January 2017 (dark grey) through January 2018 (light grey) (J, F, M, A, M, J, J, A, S, O, N, D, J). 481 

 482 

Samples collected in June 2017 from three ditches (D1, D2 and D3, Figure 1) downstream of the 483 

field site also showed high NO3 concentrations. D1, D2 and D3 had 0.86, 0.99 and 0.38 mM of NO3 484 

respectively. The ditches had EC ranging from 245 to 290 μS cm–1 and chloride concentrations 485 

ranging from 0.62 to 0.82 mM. These were similar to the EC and Cl in the mini-piezometers. Mean 486 

potassium concentrations of water in the ditches were 0.11±0.02 mM.  487 

 488 

4.5 Pyrite extraction 489 

The core from 1.6 to 2.9 MBS was used for analysis of FeS2. The sediment consisted of well-sorted 490 

sand with few pebbles. In the shallowest sample at 1.6 MBS, pyrite was not detected. Samples from 491 

1.7, 1.8, 1.9 and 2.0 MBS contained, respectively, 1.5, 1.8, 2.0 and 1.9 mmol pyrite kg–1 dry 492 

sediment. The depth interval from 2.1–2.9 MBS was represented by a single mixed sediment 493 

sample; this sample had a pyrite content of 3.0 mmol kg–1 dry sediment.  494 

 495 

 496 

 497 
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4.6 Nitrate retention under the agricultural field 498 

A push-pull test was conducted on 13–14 September 2016 at 3 m depth, within the anoxic zone, in 499 

well TH32. During installation of the well, the day before the push-pull test, the NO3 concentration 500 

decreased with depth from 0.8 mM at 1.6 m depth to 0.08 mM at the 3 m test depth (i.e., 501 

background nitrate concentration), implying denitrification at the 3 m test depth; the background Br 502 

concentration at 3 m depth was 5.3 µM. In February 2016, a few meters from TH32, the NO3 503 

concentration likewise decreased from 1.2 mM at 1.9 m depth to 0.6 mM at 3.2 m depth, and was 504 

below the detection limit at 4.2 m depth. Application of Eq. 3 returned first-order rate constants (𝑘) 505 

for nitrate reduction ranging from 1.5 × 10−2 to 0.68 d–1 (average 0.23 d−1), corresponding to 506 

reaction timescales (𝜏𝑟𝑒𝑎𝑐𝑡) of ca. 1 to 66 days with a mean of 4 days. 507 

 508 

4.7 Reactive transport modelling 509 

Figure 6 shows the results of the reactive transport model (solid lines) and the observed chemical 510 

components from piezometers TH3, TH32 and TH33 (scatter points) located at the crop field. The 511 

observations showed that the most shallow samples of TH3, ~1.52 MBS or ~0.51 m below the 512 

groundwater table, contained up to 1.25 mM nitrate, but was anoxic (<0.25 mg O2 L
–1) and ferrous 513 

(>0.4 mg Fe2+ L–1). Just an additional 0.51 m deeper in the profile nitrate concentrations generally 514 

declined to below detection limit (Figure 6b). This suggests ongoing denitrification, which 515 

necessitated an even higher nitrate concentration in the recharge at the groundwater table. 516 

Accordingly, for the infiltrating solution in the model, a higher nitrate concentration of 2 mM was 517 

applied, together with an O2 concentration of 0.3 mM (corresponding to saturation), and an Fe2+ 518 

concentration of zero. 519 

 520 

Overall, the fit of the model results with the measured was satisfactory (Figure 6). The water table 521 

at TH3 (i.e., in Figure 6) was at 1 MBS. In the model, oxygen is depleted within the first 0.5 m 522 

below the water table (i.e., above 1.5 MBS) by reaction with organic carbon. This corresponds to an 523 

organic carbon reduction rate of 1.2 mmol C L−1 yr−1 in the most surficial part of the aquifer, where 524 

pyrite was not detected (cf. above). Deeper, where pyrite was detected, the model suggests NO3 525 

reduction exclusively by pyrite, with average nitrate reduction rates of 2.5 mmol NO3 L
−1 yr−1 526 

between 1.5 and 2.5 MBS, decreasing to 0.6 mmol NO3 L
−1 yr−1 between 2.5 and 3.5 MBS, where 527 
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nitrate becomes depleted. The corresponding rates of pyrite oxidation are 0.9 and 0.2 mmol FeS2 528 

L−1 yr−1, respectively. Between 1.5 and 2.5 MBS, the reaction is a complete oxidation of pyrite 529 

followed by goethite precipitation: 530 

5FeS2 +  15NO3
− +  5H2O →  5FeOOH + 10SO4

2− +
15

2
N2 +  5H+  (1) 531 

Consistent with this reaction, concentrations of SO4 increased and decreases in pH and alkalinity 532 

were observed, while, generally no or little concurrent release of ferrous iron occurred (Figure 6C –533 

F). Between 2.5 and 3.5 MBS the modelled denitrification occurred by incomplete pyrite oxidation: 534 

5FeS2 +  14NO3
− +  4H+ →  5Fe2+ + 10SO4

2− + 7N2 +  2H2O  (2) 535 

Contrary to reaction (1), reaction (2) releases Fe2+ and consumes protons, which is consistent with 536 

observed increases in ferrous iron and pH over this depth interval. 537 

Below 3.5 MBS, the model results suggested concurrent reduction of sulfate and iron oxides by 538 

organic carbon oxidation followed by precipitation of pyrite (not shown in Figure 6). Here, the 539 

ferrous iron removed from solution by pyrite precipitation is replaced by iron released by iron oxide 540 

reduction, according to the overall reaction: 541 

15CH2O + 8SO4
2− + 4FeOOH + H+ →  4FeS2 + 15HCO3

−  + 10H2O (3) 542 

This reaction is consistent with the observed removal of SO4 from solution, increased alkalinity and 543 

pH and invariable ferrous iron concentration below 3.5 MBS (Figure 6c–f). Concurrent sulfate and 544 

iron oxide reduction (i.e., reaction (3)) is feasible for iron oxides that are slightly less stable than 545 

goethite (Appelo and Postma, 2005). In line with this, the fitted saturation index of −0.4 for goethite 546 

in the model was slightly negative. The simulated rate of organic carbon oxidation between 3.5 and 547 

4.5 MBS was 4.8 mmol C L−1 yr−1, dropping to 0.3 mmol C L−1 yr−1 from 4.5–5.5 MBS. In 548 

summary, the reactive transport modelling substantiated that water chemistry observations 549 

underneath the crop field are quantitatively consistent with, predominantly, denitrification by pyrite.  550 

 551 
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552 

Figure 6. Measured (points) and modelled (lines) water chemistry in the aquifer below the crop field. The 553 

water table is at 1 MBS. Reactive transport modelling was conducted using PHREEQC-3. 554 

 555 

5. Discussion 556 

 557 

5.1 Nitrate distribution and removal processes in shallow groundwater 558 

Nitrate was present in shallow groundwater beneath the crop field (TH3, TH32 and TH33) and in 559 

the water from the drainpipe. Nitrate was also found in the shallow groundwater along the hillslope 560 

in the wetland, where a shallow plume extends approximately 50 m into the wetland. On both sides 561 

of the stream, nitrate was removed in groundwater before it reached the stream via groundwater. 562 

Under the crop field, vertically infiltrating nitrate was removed a few meters below the groundwater 563 

table. Under the peat layer of the wetland nitrate was removed with horizontal flow towards the 564 

stream. Thus, groundwater samples taken immediately from below the streambed and from 565 

piezometers located near the stream bank contained no nitrate. Furthermore, samples from TH1 (to 566 

16 m, Figure 2B) right at the border between the crop field and 35 m wide buffer zone contained no 567 

nitrate. 568 

 569 

Oxygen (inhibiting denitrification) was present in groundwater arriving to the wetland from 570 

southwest, but near-anaerobic (DO <0.5 mg L–1) and ferrous conditions were found at closer 571 

proximity to the stream, as well as everywhere under the crop field. Nitrate reduction in 572 

groundwater on the crop side was identified as occurring by denitrification. Reactive transport 573 

modelling suggests that nitrate was effectively removed a few meters below the water table by 574 
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autotrophic denitrification with pyrite (which was found to be present) in the top 1.5 m below the 575 

groundwater table. The in-situ rate measurement (push-pull) and the reactive transport model agree 576 

in suggesting complete reduction of a few mM nitrate within about a year. A successive production 577 

and reduction of SO4 along the groundwater flow paths results in a plume of elevated SO4 578 

concentrations at 3 to 8 MBS in the aquifer under the crop field (Figure 2B), which could be a 579 

legacy of denitrification by pyrite (Jessen et al. 2017). However, the reactive transport model 580 

(Figure 6) suggests that denitrification is followed by pyrite precipitation in some places (e.g., the 581 

location of TH3), as SO4 and iron oxides react with organic matter. Buried organic carbon in the 582 

stream valley can originate from e.g. an old stream meander (Devito et al. 2000).  583 

 584 

Postma et al. (1991) reported average sediment FeS2 concentrations of 3.6 mmol kg–1 at a field site 585 

situated 50 km north of the Holtum field site. In addition, they found FeS2 to be the main electron 586 

donor for O2 and NO3 reduction in the aquifer. Böhlke et al. (2002) also reported denitrification 587 

coupled with reduced ferrous and sulfur compounds, including FeS2. Both studies were conducted 588 

within sandy outwash aquifers similar to our site. Sediment FeS2 concentrations, below the water 589 

table, were in this study 1.53.0 mmol kg–1, likely sufficient for sustaining denitrification for many 590 

decades (cf. Jessen et al. 2017). Nitrate discharge to the stream via groundwater from the crop side 591 

could therefore continue to be low for many years. Recall, however, that a drain on the crop side 592 

gives a load of 16.8 kg N yr–1 to the stream (Figure 5).  593 

 594 

On the wetland side, sulfate concentrations in the shallow groundwater were at a few locations 595 

similar to concentrations measured in the deeper groundwater. Sulfate concentrations in these areas 596 

could be a legacy of “hot spots” for denitrification with reduced inorganic sulfur compounds. 597 

Denitrification, though, could mainly be with organic matter perhaps as a result of infiltrating 598 

dissolved organic matter from the peat layer. Denitrification with dissolved organic matter results in 599 

an increased alkalinity (Figure 3B). A similar situation was found by Jensen et al. (2017), where a 600 

top peat layer and 12 m below the peat layer were high-reactive zones. However, at a more 601 

downstream site to ours, Karan et al. (2013) found high nitrate concentrations below a peat layer 602 

and within the top five meters of a sandy aquifer across an entire riparian wetland. The wetland was 603 

less dominated by springs and most of the regional flow input to the wetland and the stream was via 604 
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the conductive sandy aquifer with persistent aerobic conditions and, hence, limited nitrate reduction 605 

potential. 606 

  607 

According to the above, nitrate removal in water arriving as groundwater to the stream at our site 608 

was found to be substantial and near 100%. Our results can be compared with the compilation of 609 

field data in Ocampo et al. (2006), who evaluated nitrate removal efficiency (0–100%) from nine 610 

field studies and compared these with a calculated Damköhler number (D), defined as: 611 

 𝐷 =
𝜏𝑡𝑟𝑎𝑛𝑠

𝜏𝑟𝑒𝑎𝑐𝑡
 Eq. 6 

where 𝜏𝑡𝑟𝑎𝑛𝑠 was computed as travel length divided by pore water velocity and 𝜏𝑟𝑒𝑎𝑐𝑡 is as defined 612 

above. From Steiness et al. (2019) we obtain a hydraulic gradient of 0.01 and 0.02 towards the 613 

stream from the hillslope north and south of the stream. With a mean hydraulic conductivity of 14 614 

m/day (Steiness et al. 2019) and a porosity of 0.3, 𝜏𝑡𝑟𝑎𝑛𝑠  is estimated to 75 and 310 days from the 615 

start of the buffer zone and northern hillslope to the stream, respectively. On the wetland side, 616 

𝜏𝑡𝑟𝑎𝑛𝑠 is 86 days from the southern hillslope to the stream. From the push-pull test we estimated a k 617 

of 0.23 day–1 on the crop side based on denitrification with pyrite. On the wetland side, 618 

denitrification is mostly like related to a reaction with dissolved organic matter. We have no 619 

information of local denitrification rates with organic matter. Instead, we use information from a 620 

similar site just downstream, where a maximum rate just below the peat layer was estimated to 0.25 621 

day–1 (Ribas et al. 2017), i.e., very similar to the rate with pyrite denitrification. This gives D ~17–622 

71 and 21 on the crop and wetland sides, respectively. From Figure 10 in Ocampo et al. (2006) it is 623 

clear that ~100% NO3 removal occurs at D > 8–10. Bypass flows are therefore the main source of 624 

N-loading to the stream.  625 

 626 

5.2 Nitrate loading from springs and buffer efficiency 627 

The upland to the crop field consist of coniferous forest so the main input of nitrate to groundwater 628 

is the crop field. Hansen et al. (2012) estimated the regional annual agricultural N surplus in 629 

Western Jutland in 2007 to 143 kg N ha–1 yr–1. NO3 leaching from the root zone have been reported 630 

by Dalgaard et al. (2011) to amount to approx. 60% of the N-surplus for Danish conditions. The 631 

crop field represents approx. 2 hectares giving potentially 172 kg N yr–1 leaching from crop field 632 

due to application of N-fertilizers. Of this only 16 kg N yr–1 reaches the stream through the drain. 633 
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The crop side of the riparian lowland therefore has an N-removal efficiency of 90%. Consistently, 634 

based on drain discharge measurements from Steiness et al. (2019) one can estimate that the bypass 635 

flow to the stream from the drainpipe is approx. 10% of the total flow. 636 

 637 

In the wetland, several groundwater-fed surface flows (bypass) with spring discharge together 638 

contribute up to 59% of the stream flow gain (Steiness et al. 2019). The high nitrate concentrations 639 

in the springs (Figure 3) result in a high N input to the wetland surface and eventually the stream. If 640 

all springs contribute independently the N-load to the stream is 708 kg yr–1, which must be 641 

considered a maximum. If the spring contributions are not independent, so that the same nitrate was 642 

measured multiple times and, effectively, only the ditch (DI) and the rivulet (RI) that visibly are 643 

connected to the stream deliver nitrate to the stream, the resulting load of 218 kg N yr–1 by 644 

groundwater-fed surface flow is still significant. 645 

 646 

The upland southwest of the field site mainly consists of intensively farmed arable lands. Borehole 647 

96.1981 from the national well database shows elevated nitrate concentrations to at least 2030 m 648 

below surface or 1220 meters below the water table (Figure 1C). This suggests that there is little to 649 

no reduction capacity (e.g., pyrite) at or above this depth in the aquifer. The regional groundwater 650 

inflow to the wetland thus can have high nitrate concentrations, as confirmed by nitrate data from 651 

TH10, the mini-piezometers, and springs. 652 

 653 

Applying a simple analytical model, regional water- and N-fluxes were calculated (Appendix A). 654 

The NO3 concentrations from borehole 96.1981 were used as a baseline for the concentration of the 655 

upland groundwater. This resulted in a water flux of 1955 L m–1 day–1 and an N-flux of 2227.2 g 656 

N m–1 day–1. This further gives an annual regional N-load to the riparian wetland of 1033 kg N yr–1 657 

(average 1990-2008) and 1293 kg N yr–1 (year 2007). Steiness et al. (2019) reported a mean water 658 

contribution from the wetland to the stream flow gain of 3.2 × 10–3 m3 sec–1 in 2017, equal to 2130 659 

L m–1 day–1. Hence, there is a reasonable agreement (within 9%) of the two water fluxes. Hill 660 

(2019) reported values of subsurface water- and N-fluxes to riparian buffers from several studies. 661 

For sloping landscapes with sandy sediments, water fluxes were reported to range up to 1200 L m–1 662 
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day–1 and N-fluxes of upwards of 26 g N m–1 day–1. The water flux (1955 L m–1 day–1) and N-load 663 

(2227.2 g N m–1 day–1) to the riparian wetland are hence in the high end of reported fluxes.  664 

 665 

The mean residence time from of regional discharge to the wetland is approximately 10 years 666 

(Appendix A). As our data is from 2017, we now base the calculations on the N load using 2007 667 

data from borehole 96.1981. As no nitrate enters the stream by groundwater, the N removal is 668 

1293–708 = 585 kg N yr–1 or 450 kg N ha–1 yr–1 (wetland area of 1.3 ha). This is equivalent to a 669 

buffer efficiency of 45%. These removal rates compare well with other studies conducted in Danish 670 

riparian lowlands, located in Western Jutland, with N-removal capacities of 400 kg NO3-N ha–1 yr–1 671 

(Brüsch and Nilsson 1993) and 119-340 kg NO3-N ha–1 yr–1 (Hoffmann et al. 2006). A recent study 672 

by Audet et al. (2020) on eight restored wetlands in Denmark reported lower removal rates of 42 kg 673 

Total Nitrogen ha–1 yr–1, with similar rates for NO3, corresponding to buffer efficiencies between 2-674 

42%. These lower rates are in line with other studies listing removal rates of 9-70 kg NO3-N ha–1 675 

yer–1 (Pärn et al. 2012) and 35-40 kg NO3-N ha–1 yr–1 (Jensen et al. 2017).  676 

 677 

These calculations were done assuming all springs contribute individually to the N load to the 678 

stream. If we instead use the N load of 218 kg N yr–1 as measured from only DI and RI (the two 679 

with visible outlets to the stream), the N loss is 1293–218 = 1075 kg N yr–1 (buffer efficiency of 680 

83%). This is equivalent to 827 kg N ha–1 yr–1, much higher than reported in other studies. If this 681 

indeed was the case, re-infiltration of surface water in the wetland would prove to be an important 682 

N-removal process. Revsbech et al. (2005) showed that nitrate concentrations in the water column 683 

of a flooded meadow decreased exponentially by a 𝜏𝑟𝑒𝑎𝑐𝑡 of ~1 day, and re-infiltration and diffusion 684 

could therefore be a substantial sink. Re-infiltration is supported by Steiness et al. (2019), who 685 

observed a small downward gradient between TH9s and TH9d and enriched isotope values in 686 

shallow groundwater in the center of the wetland. Re-infiltration was also found to be important by 687 

Petersen et al. (2020). 688 

 689 

In summary, the two sides (crop and wetland) show distinctly different characteristics. At first, one 690 

would think that the crop field would be the main source of nitrate to the stream, but this is not the 691 

case (except for the drain). This side of the stream is well protected by a redox front (pyrite) just a 692 
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few meters below the water table, a high crop field to upland area ratio (47%), and no nitrate source 693 

in the upland. The regional inflow of groundwater is therefore low and bypass flow (10%) only 694 

occurs as drain flow. On the wetland side, the wetland to upland ratio is very low (5%) giving a 695 

relatively high inflow of groundwater. This groundwater has high nitrate concentrations, because of 696 

the deep position of the redox front (12-20 m below the water table) in the regional aquifer 697 

connecting to the wetland from southwest. Bypass flow is therefore significant (59%) on the 698 

wetland side. Within the next one-two decades, the N-load via groundwater-fed surface flow on the 699 

wetland side will likely decline, as the monitoring wells at the catchment boundary have shown a 700 

decline in nitrate concentrations. For example, nitrate concentrations in well 96.1981 were 22-33% 701 

lower in 2018 than in 2007. 702 

 703 

The role of bypass flow containing high nitrate levels is not only limited to the field site. Several 704 

ditches draining the wetland downstream of the field site were found to have high nitrate 705 

concentrations. It appears that bypass flow via groundwater-fed surface flow plays an important role 706 

in the delivery of nutrients along this section of Holtum stream. This may be due to the management 707 

of the wetland, i.e., (i) channelization of the stream, (ii) installation of a drainage network, and (iii) 708 

no maintenance of the drainage network resulting in broken drainpipes. 709 

 710 

5.3 Implications – conceptual model 711 

This section aims to compare the results of the detailed field study, as presented so far in this paper, 712 

to synthetic cases. For this, we define the fraction of water passing a riparian lowland as bypass 713 

flow 𝑓𝑏𝑦𝑝𝑎𝑠𝑠, and the fraction of diffuse flow through the riparian aquifer 𝑓𝑑𝑖𝑓𝑓, and assume that  714 

𝑓𝑏𝑦𝑝𝑎𝑠𝑠 + 𝑓𝑑𝑖𝑓𝑓 = 1. In our terminology, bypass flow therefore includes flow via subsurface drains, 715 

rivulet-pipe flow (fast flow component, cf. Shabaga and Hill 2010), and diffuse surface flow (slow 716 

flow component), the two latter ones being the result of groundwater-fed surface flow. We further 717 

assume that no NO3 degradation occurs along bypass flow paths, and that NO3 removal in the 718 

riparian aquifer follows the first-order rate law: 719 

 𝐶𝑡 = 𝐶0𝑒−𝑘𝑡 Eq. 7 

where 𝐶0 is the (initial, t=0) NO3 concentration of water arriving to the riparian aquifer and 𝐶𝑡 is the 720 

concentration in water leaving the aquifer, after time 𝑡. This allows calculation of the overall NO3 721 
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removal efficiency (fraction), i.e., the average concentration of NO3 in all water arriving to a 722 

riparian lowland (𝐶0) relative to that of all water leaving the lowland (𝐶𝑜𝑢𝑡, equal to 𝑓𝑏𝑦𝑝𝑎𝑠𝑠𝐶0 +723 

𝑓𝑑𝑖𝑓𝑓𝐶𝑡), by: 724 

 
Nitrate removal efficiency = (1 −

𝐶𝑜𝑢𝑡

𝐶0
) = 1 − 𝑓𝑏𝑦𝑝𝑎𝑠𝑠 − 𝑓𝑑𝑖𝑓𝑓𝑒−𝑘𝑡 Eq. 8 

Combining with the Damköhler number definition (Eq. 6), and realizing that time 𝑡 in Eq. 7 and 8 is 725 

equivalent to the travel time 𝜏𝑡𝑟𝑎𝑛𝑠 in Eq. 4 yields: 726 

 
(1 −

𝐶𝑜𝑢𝑡

𝐶0
) = 1 − 𝑓𝑏𝑦𝑝𝑎𝑠𝑠 − 𝑓𝑑𝑖𝑓𝑓𝑒−𝐷 Eq. 9 

Eq. 9 shows that the NO3 removal efficiency is not a function of time per se, but is instead a 727 

function of the time relative to reaction rate, as expressed by the Damköhler number. Further, the 728 

removal efficiency depends on 𝑓𝑏𝑦𝑝𝑎𝑠𝑠 (and therefore also on 𝑓𝑑𝑖𝑓𝑓 = 1 − 𝑓𝑏𝑦𝑝𝑎𝑠𝑠), and is 729 

independent from the initial NO3 concentration when first-order kinetics applies. Eq. 9 therefore 730 

allows us to calculate very generically the NO3 removal efficiency for any riparian lowland as a 731 

function of bypass fraction and the riparian aquifer’s Damköhler number. Accordingly, Figure 7 732 

applies Eq. 9 to illustrate the effect on the NO3 removal efficiency of the occurrence of bypass flow 733 

across a riparian zone in combination with the denitrification rates (expressed as reaction 734 

timescales, 𝜏𝑟𝑒𝑎𝑐𝑡) and travel times (𝜏𝑡𝑟𝑎𝑛𝑠) encountered within the riparian aquifer. In Fig. 7, the x-735 

axis indicates the percentage of bypass flow, and the y-axis shows a large range of Damköhler 736 

numbers. As indicated above, flow paths in Figure 7 are assumed to have either an infinitely short 737 

travel time, indicating bypass flow with no time for denitrification, or a long travel time, indicating 738 

diffuse groundwater flow in the riparian aquifer. The color scale yields bluish colors when more 739 

than 80% (i.e, >0.8) of the nitrate loaded to a riparian zone becomes reduced before water exits to 740 

the stream. 741 

 742 

Our field site’s Damköhler numbers (derived above) for the two sides of the stream are 743 

superimposed on Figure 7. On the agricultural side, only 10% of the water arrived to the stream as 744 

bypass flow via the drain (𝑓𝑏𝑦𝑝𝑎𝑠𝑠 = 0.1), resulting in an overall removal efficiency above 90%. On 745 

the wetland side, the high percentage of bypass flow (60–90%) keeps the overall nitrate removal 746 

efficiency at less than ~40% at any Damköhler number, including, of course, the estimated value. In 747 

other words, bypass flow completely controls the overall NO3 removal efficiency. Such bypass flow 748 
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may occur via springs, rivulet-pipes, drains or ditches, or via the regional (non-riparian) aquifer 749 

when it extends to beneath the stream. 750 

 751 

Figure 7. Nitrate removal efficiency as a function of the fraction of discharge that bypasses denitrification zones vs. the 752 

Damköhler number, which reflects the transport time and first-order denitrification rate of the riparian aquifer. 753 

 754 

Finally, we may extend Eq. 9 to also include degradation along the bypass flow, which necessitates 755 

the definition of separate Damköhler numbers for the two flow paths: 756 

 
(1 −

𝐶𝑜𝑢𝑡

𝐶0
) = 1 − 𝑓𝑏𝑦𝑝𝑎𝑠𝑠𝑒−𝐷𝑏𝑦𝑝𝑎𝑠𝑠 − 𝑓𝑑𝑖𝑓𝑓𝑒−𝐷𝑑𝑖𝑓𝑓 Eq. 10 

Degradation along the bypass flow paths could result from diffusion of labile organic carbon from 757 

low-permeable peat strata into adjacent high-permeable zones of fast flow or into diffuse surface 758 

flow path where flow is slower (Shabaga et al. 2010). Yet, for degradation along bypass flow paths 759 

to be significant, denitrification rates along these flow paths need to by high as well, because of the 760 

low residence times that characterizes bypass flow.  761 

 762 

 763 
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6. Conclusion 764 

 765 

This study shows N-removal buffer efficiency of two riparian lowlands situated on opposite sides of 766 

a second order stream. Nitrate loading to the stream depended on the nitrate loading to, and redox 767 

conditions within, the regional aquifer, and on how groundwater arriving to the riparian aquifer was 768 

divided into bypass flow versus diffuse flow, representing different residence times and redox 769 

environments.  770 

 771 

The riparian lowland with a crop field and a buffer zone situated to the northeast of the stream has a 772 

small upland with low water- and N-flux inputs. Despite the ongoing cultivation, only a small 773 

amount of nitrate-rich water was allowed rapid transition to the stream through a drainpipe. Nitrate 774 

in groundwater was effectively removed by autotrophic denitrification with pyrite in the aquifer 775 

under the crop field. Organic matter is believed also to be present (not measured) as reactive 776 

transport modelling suggests that SO4 produced from pyrite oxidation is reduced by organic matter 777 

(shown by increase in alkalinity). Buffer efficiency was estimated to 90%. 778 

 779 

The riparian wetland was connected to a five times larger upland dominated by arable lands and 780 

received both a high water- and N-flux. By appearance, the wetland represents a considerable 781 

potential for N-removal, but this potential is not fully realized. Groundwater-fed spring discharge as 782 

bypass flow ensured that nitrate-rich water could move rapidly across the riparian lowland to the 783 

stream. Clear signs of water table management, represented by old surface and subsurface drainage 784 

systems, are the causes of high fractions of bypass flow. The N-load to the stream is 708 kg N yr–1 785 

if all springs individually contribute to the stream and 218 kg N yr–1 if only the two overland 786 

sources that directly discharge to the stream, i.e., a ditch and a rivulet, are accounted for. Compared 787 

to a calculated regional input of nitrate in 2007 (1293 kg N yr–1) this gives buffer efficiencies of 45 788 

and 83%, respectively. Thus, two conclusions arise; (1) if the total load to the stream is indeed 708 789 

kg N yr–1, then N-load to the stream is very high and buffer efficiency is rather low. (2) If the total 790 

load to the stream is indeed 218 kg N yr–1, then surface re-infiltration to the peat layer and aquifer in 791 

the wetland is a significant process in N-removal.  792 
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The observation that bypass flow (drains, groundwater-fed surface flow) was important at this site 793 

resulted in the development of a conceptual model for nitrate removal efficiency as a function of the 794 

Damköhler number and the bypass fraction. The model requires information of a number of 795 

parameters such as estimates of the denitrification rates, groundwater velocity and the bypass 796 

fraction.  797 

 798 

Water table management is a common practice conducted in riparian lowlands situated in 799 

agricultural lowland catchments. Reasons for the difference in N-removal efficiency can largely be 800 

attributed to vastly different external and internal factors. External factors include upland size 801 

(wetland-to-catchment area ratio), land use, and redox conditions in the upland aquifer, resulting in 802 

vastly different inputs across the upland-riparian interface. These factors are to a large degree 803 

magnified by the conditions met in the riparian zone; this is especially true for the riparian wetland, 804 

which is altered by anthropogenic changes affecting the subsurface and surface flow components to 805 

the streams. An improvement in the N-removal capacity would likely involve a rearrangement 806 

(restoration) of the entire stream valley. This would likely restrict the use of the stream valley with 807 

consequences for the current land use as productive agricultural land.  808 
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Appendix A 950 

Upland-riparian groundwater water- and N-flux calculation  951 

Approx. 2000 m southwest of TH10 borehole 96.1981 is located, screened at two depths. The well 952 

is located near the topographic divide of the catchment. Well 96.1981 shows high nitrate 953 

concentrations in groundwater at depths 20-35 MBS. This suggests that nitrate reduction in the 954 

upland aquifer is poor. The water table and water flux from borehole 96.1981 to piezometer TH10 955 

was calculated using an analytical model. A conceptualization of the simplified unconfined aquifer 956 

is presented in figure A.1.  957 

 958 

Figure A.1 Borehole 96.1981 from the national well database (Jupiter, GEUS) are located at approx. 2000 m from 959 

TH10. a) An overview of the location of the two wells used for the analytical model. Borehole 96.1981 is located just 960 

east of the Holtum Catchment border; approx. 600 m (northeast) from the borehole is the topographical water divide. b) 961 

Conceptual representation of analytical model to calculate water flux and N-load from upland (southwest) to riparian 962 
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wetland. Borehole 96.1981 are located at (𝑥0) 0 m and piezometer TH10 in the riparian wetland at (𝐿 and 𝑥40)  2000 963 

m. The aquifer has a saturated thickness  (ℎ(𝑥𝑛) − 𝑧𝑏) assuming an aquifer bottom at 45 m. The hydraulic conductivity 964 

(K) is 14 m day-1, equal to the measured average K at the field site (Steiness et al. 2019). Recharge was mean annual 965 

precipitation minus the mean annual actual evapotranspiration (Sebok et al. 2016). Figure not to scale.  966 

 967 

The unconfined aquifer receives recharge (𝑅) equal to the mean annual precipitation minus actual 968 

evapotranspiration for Holtum catchment reported by Sebok et al. (2016). Borehole 96.1981 is 969 

situated at 𝑥0 (0 m) having a hydraulic head  ℎ0 (64.87 m, see figure B.1). At the opposite end, 970 

piezometer TH10 is located at 2000 m with a hydraulic head of ℎ𝐿 (59.39 m).An impermeable 971 

bottom is assumed at elevation 𝑧𝑏 (45 m). The saturated thickness is equal to ℎ(𝑥) − 𝑧𝑏. A 1D 972 

steady state flow equation for an unconfined aquifer was used to calculate the head distribution h(x) 973 

and flux q(x) (in units of m3 day–1 per meter wetland; 974 

(A.2) ℎ(𝑥) = √(ℎ0 − 𝑧𝑏)2 +
𝑅

𝐾
(𝐿𝑥 − 𝑥2) +

(ℎ𝐿−𝑧𝑏)2−(ℎ0−𝑧𝑏)2

𝐿
𝑥 + 𝑧𝑏   975 

(A.2) 𝑞(𝑥) = −
𝐾

2
(

𝑅

𝐾
(−2𝑥 + 𝐿) +

(ℎ𝐿−𝑧𝑏)2−(ℎ0−𝑧𝑏)2

𝐿
)              976 

The head distribution is shown in the conceptual model, Figure A.1. A water divide is predicted 977 

approximately 450 m from 96.1981. This simple model therefore confirms that the well is located 978 

near the topographic divide as seen in Figure A.1A.  979 

The calculated 𝑞𝐿=2000 𝑚 at the entrance to the wetland is 1.96 m3 day–1 m–1. With a wetland width 980 

of 130 m along the hillslope-riparian wetland interface at the field site, this yields an upland to 981 

riparian wetland groundwater flux of 252 m3 day–1 or 2.9 x 10-3 m3 sec–1. In comparison, Steiness et 982 

al. (2019) measured a mean contribution from the southwest to the stream flow gain of 3.2 x 10-3 m3 983 

sec–1 (4.58 × 10−3 m3 sec–1 x 0.7). The velocity-weighted average residence time was calculated to 984 

~10 years from the simulated water divide at 450 m to the entrance to the wetland at 2000 m 985 

(assuming a porosity of 0.3). 986 

Borehole 96.1981 has two filters where nitrate concentrations are measured on a regular basis 987 

(yearly) as part of the national groundwater-monitoring program (Figure A.1). The average NO3 988 

concentrations over the period 1990-2018 were 1.02 mM and 0.57 mM for the top and bottom filter, 989 

respectively. With an average residence time of about 10 years the nitrate input to the wetland could 990 

also be estimated from what was measured in 2007 (10 years before the current investigation). The 991 

2007 concentrations were somewhat higher with 1.39 mM and 0.6 mM in the top and bottom filters, 992 
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respectively. Three other monitoring wells are also present in the vicinity of well 96.1981. They all 993 

have similar concentration ranges.  994 

The N-load from upland to riparian wetland was calculated based on the average (1990-2018) and 995 

2007 nitrate concentrations (C) from borehole 96.1981 times the groundwater-riparian wetland flux.  996 

(A.2) 𝑁𝑙𝑜𝑎𝑑 =  𝑞𝐿=2000 𝑚 ∙ 𝐶          997 

The regional N-load yields an input of 22-27.2 g N day–1 m–1giving an annual regional N-flux of 998 

1033-1293 kg N yr–1 with a wetland width of 130 m. 999 


